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A B S T R A C T

Low-cost biosorbents from agricultural residues are promising for water treatment but are usually evaluated for 
single contaminants under batch conditions only. We assessed the charge-dependent removal of cationic Pb(II) 
and Cd(II) and anionic As(V) by NaOH-modified olive stone (Olea europaea L.) in batch and fixed-bed systems, 
using a common biosorbent preparation and parallel protocols. NaOH treatment shifted the pHPZC from 4.47 to 
6.83 and produced FTIR changes consistent with ester-bond saponification and greater exposure of carboxylate 
and hydroxyl groups. Under optimized batch conditions, Pb(II) removal reached 99.57% and remained above 
98.9% across independent series, although removal at pH 6.8–8.0 should be interpreted as an upper bound 
because phosphate buffering may contribute to lead phosphate precipitation. Cd(II) removal varied from 5.5% to 
99.7% depending on operational conditions, with the upper value (99.72%) obtained at 15 g L− 1 in the dose ×
size factorial; the variability is largely attributable to operational differences between experimental series (dose, 
contact time, replication regime); a single biosorbent preparation was used throughout, so batch-to-batch 
variability could not be evaluated. As(V) removal remained below 8% under all conditions. Fixed-bed break
through curves were adequately described by Thomas and Yoon–Nelson models (R2 

> 0.97), with column ca
pacities of 4.01 mg g− 1 for Cd(II) (extrapolated) and 2.27 for Pb(II); the 1.77 value for As(V) reflects transient 
column retention rather than true uptake. NaOH-modified olive stone is robust for Pb(II), conditional for Cd(II), 
and unsuitable for As(V), supporting contaminant-specific biosorbent selection.

1. Introduction

Heavy metal and metalloid contamination in aquatic systems re
mains a major global environmental and public-health concern, and its 
management in industrial, mining, and agricultural effluents represents 
a persistent challenge for water-treatment practice. Lead and cadmium 
are non-biodegradable, bioaccumulative, and toxic even at low con
centrations, whereas arsenic contamination continues to affect large 
populations worldwide through drinking water exposure [1–4]. A key 
difficulty for remediation is that these contaminants differ fundamen
tally in aqueous speciation: Pb and Cd occur as cationic species, whereas 
arsenic in oxic waters is commonly present as anionic arsenate oxy
anions [5]. As a result, treatment materials that perform well for cationic 

metals often show limited affinity for anionic contaminants [6,7].
Conventional metal-removal technologies such as chemical precipi

tation, ion exchange, membrane filtration, and electrochemical treat
ment are effective but constrained by high operating costs, sludge 
generation, and reduced efficiency at low solute concentrations [8,9]. 
Biosorption has received sustained attention as a low-cost alternative 
because of its operational simplicity and potential for metal recovery 
[10–12]. Agricultural residues are especially attractive because they are 
abundant, inexpensive, and rich in functional groups capable of inter
acting with dissolved metals [13,14], but lignocellulosic biosorbents 
generally favor cation uptake over anion uptake, a limitation that be
comes especially relevant in mixed-contaminant waters [7,15].

Chemical modification is commonly used to improve biosorbent 
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performance. NaOH treatment has been widely applied to lignocellu
losic materials because it promotes partial delignification, alters 
porosity, and increases the exposure of oxygen-containing surface 
groups through alkaline hydrolysis and deacetylation [16,17]. These 
changes often enhance the uptake of cationic metals such as Pb(II) and 
Cd(II) [18,19], but may simultaneously reduce affinity for anionic spe
cies such as arsenate. Despite this plausible charge-dependent behavior, 
few studies have evaluated cationic and anionic contaminants in parallel 
using the same NaOH-modified biosorbent under comparable experi
mental conditions.

Olive stone, the main solid by-product of olive processing, is a 
promising biosorbent candidate generated in large quantities globally 
and in the olive-producing areas of southern Peru [20–23]. Its ligno
cellulosic matrix provides oxygen-containing functional groups that can 
interact with dissolved metals [24,25]. Previous studies have demon
strated the utility of olive-derived materials for removing individual 
cationic metals, particularly Pb(II) and Cd(II) [26,27]. However, to our 
knowledge, no study has systematically compared the behavior of 
cationic Pb(II) and Cd(II) against anionic As(V) using the same olive 
stone-based biosorbent under parallel conditions. The local availability 
of this residue in olive-producing regions offers a logistical advantage 
for deploying biosorbent-based treatment systems where contamination 
from mining and agricultural activities is a recurrent concern.

We hypothesized that NaOH modification of olive stone would 
enhance the uptake of cationic species [Pb(II), Cd(II)] while limiting 
retention of anionic As(V), and that this charge-dependent performance 
would manifest consistently across both batch and fixed-bed column 
operation. To test this hypothesis, we (i) characterized the biosorbent 
before and after alkaline treatment (SEM, BET, FTIR, pHPZC) to establish 
the surface-chemistry basis for charge-dependent behavior; (ii) evalu
ated batch removal of Pb(II), Cd(II), and As(V) under a factorial design 
covering pH (4.0–8.5), particle size (75–300 μm), and biosorbent dosage 
(5–15 g L− 1), with ANOVA quantified by partial eta-squared and partial 
omega-squared effect sizes; (iii) analyzed the kinetics of uptake by non- 
linear regression against pseudo-first-order, pseudo-second-order, and 
intraparticle diffusion models; and (iv) assessed continuous-flow per
formance in fixed-bed columns, with breakthrough curves fitted to the 
Thomas and Yoon–Nelson models. The resulting dataset is used to 
identify the operational boundaries of NaOH-modified olive stone as a 
biosorbent for cation-dominated, anion-dominated, and mixed cati
on–anion effluents.

The present study focuses on As(V) as the anionic test species and 
does not address As(III). As(V) was selected because it is fully ionized 
across the pH range tested (H₂AsO₄− at pH 2–7; HAsO₄2− at pH 7–11) 
and therefore provides a clean test of charge-dependent selectivity 
against cationic Pb(II) and Cd(II), and because it is the thermodynami
cally stable arsenic species under the oxic conditions characteristic of 
the surface and industrial waters that constitute the principal target 
matrix. As(III), which dominates in reducing groundwaters and is more 
toxic and mobile, exists predominantly as the neutral H₃AsO₃0 species at 
circumneutral pH (pKa ≈ 9.2) and would therefore confound the test of 
charge-dependent behavior. Evaluation under reducing conditions and 
against As(III), likely requiring an oxidative pre-treatment or an iron- 
modified material, is identified as a priority next step (Section 4.8).

2. Materials and methods

Throughout this study, the olive stone biosorbent derived from Olea 
europaea L. pomace was designated according to its processing stage: NC 
for the native untreated biosorbent, CT for the NaOH-treated biosorbent, 
and DA for the biosorbent collected after Pb(II) adsorption experiments.

2.1. Olive stone preparation and conditioning

A total of 21.5 kg of raw olive pomace was collected from Aceitunas 
de Ilo S.A. (El Algarrobal, Ilo, Peru). The pomace was washed with 

deionized water, and the pulp was removed manually, yielding 
approximately 10 kg of wet olive stone fraction. The isolated olive stones 
were further washed with boiling deionized water to remove residual 
soluble organic matter and lipids, then dried at 105 ◦C for 24 h following 
Martín-Lara et al. [27] and stored in sealed containers at room tem
perature prior to size reduction. A full mass balance, including wet-basis 
yield and dry-basis processing recovery, is provided in Table S1. The 
dried material was crushed in a hammer mill and sieved through ASTM 
E11 standard sieves to obtain three nominal particle-size fractions of 75, 
150, and 300 μm. The sieved fractions were then oven-dried at 50 ◦C for 
24 h to ensure constant moisture before experimental use [28].

2.2. Alkaline modification of olive stone

The three particle-size fractions were subjected to alkaline modifi
cation with 0.1 M NaOH at a liquid-to-solid ratio of 100 mL g− 1. Sus
pensions were agitated at 600 rpm for 24 h at room temperature (20 ±
2 ◦C). After sedimentation for 2–4 h, the biosorbent was washed with 
distilled water until the rinse water reached near-neutral pH, oven-dried 
at 60 ◦C for 24 h, and stored in airtight bags. The final moisture content 
was 5–6%. This modified material was designated CT [29]. All experi
ments reported in this study, including batch factorial assays, kinetic 
experiments, equilibrium tests, and fixed-bed column runs, used CT 
material from a single NaOH-modification preparation. Consequently, 
batch-to-batch variability in the alkaline modification could not be 
evaluated in this study and is acknowledged as a limitation (Section 4.8).

2.3. Physicochemical characterization

Surface morphology was examined by scanning electron microscopy 
(SEM; Zeiss Supra 40, Universidad Nacional de Ingeniería, Lima, Peru) 
operated in variable-pressure mode at an accelerating voltage of 20 kV 
using an SE1 detector and a working distance of 9.5 mm. Dried bio
sorbent samples were mounted on aluminum stubs using conductive 
carbon tape and analyzed without metallic coating. Specific surface area 
was determined from N₂ adsorption isotherms at 77 K using the Bru
nauer–Emmett–Teller (BET) equation over the relative-pressure range 
P/P₀ = 0.05–0.30 on a GEMINI VII 2390 analyzer (Micromeritics). 
Samples were outgassed under vacuum prior to analysis according to the 
manufacturer's recommended protocol. DA-derived average pore 
diameter was estimated from the N₂ adsorption branch and is reported in 
Table S6. Functional groups were analyzed by Fourier-transform 
infrared spectroscopy (FTIR; PerkinElmer Frontier) using the KBr pel
let method in transmittance mode over the range 4000–450 cm− 1. Dried 
samples were finely ground and mixed with spectroscopic-grade KBr at a 
sample:KBr ratio of approximately 1:100 (w/w). Spectra were collected 
at 4 cm− 1 resolution with 32 scans per sample. NC, CT, and DA samples 
were analyzed by all three techniques.

Chemical characterization was carried out on NC and CT. Ash was 
determined gravimetrically at 600 ◦C for 4 h (AOAC 2.173); Ca + Mg by 
EDTA complexometric titration (AOAC 968.08); Fe by thiocyanate 
colorimetry at 480 nm (NTE INEN 1908:2013); P by the ascorbic acid
–phosphomolybdate method at 885 nm (AOAC 985.11); and cellulose, 
hemicellulose and lignin by the detergent fiber method [30]. Each 
determination was performed once for each of the three particle-size 
fractions from a single biosorbent preparation; values reported in 
Table S4 as mean ± SD across fractions are descriptive summaries only.

The point of zero charge (pHPZC) was determined for each of the 
three particle-size fractions (75, 150, and 300 μm) of both NC and CT 
using the batch equilibrium method [31,32]. A 0.4 g portion of bio
sorbent was added to 80 mL of 0.05 M KNO₃, the initial pH was adjusted 
between 2 and 11 with 0.1 M HCl or NaOH, and after 24 h equilibration 
at 200 rpm the final pH was recorded. The pHPZC was taken as the 
intersection of the pHfinal versus pHinitial curve with the line pHfinal =

pHinitial. Six pHPZC drift curves, corresponding to NC and CT at each 
particle size, are presented in Fig. S3.

J.A. Valeriano-Zapana et al.                                                                                                                                                                                                                 Journal of Water Process Engineering 91 (2026) 110500 

2 



2.4. Batch sorption experiments

2.4.1. Stock solution preparation
Individual metal solutions (C₀ = 50 mg L− 1) of As(V), Cd(II), and Pb 

(II) were prepared from 1000 mg L− 1 certified standards (H₃AsO₄, Cd 
(NO₃)₂, Pb(NO₃)₂; analytical grade, Merck). The initial concentration 
was selected as representative of moderately contaminated industrial 
effluents (electroplating, battery manufacturing, mining). Solution pH 
was controlled using 0.1 M citrate buffers (citric acid/sodium citrate) for 
pH 4.0 and 6.0, 0.1 M phosphate buffers (KH₂PO₄/Na₂HPO₄) for pH 6.8 
and 8.0, and a borate buffer (0.2 M H₃BO₃ + 0.2 M NaOH, with KCl) for 
pH 8.5. The ionic strength was not independently adjusted to a common 
value across buffers; therefore, it varied implicitly according to the 
buffer system used at each pH. The use of different buffer identities 
across pH levels (citrate, phosphate, borate) introduces a potential 
confound between pH and buffer chemistry. This is particularly relevant 
at pH 6.8 and 8.0, where phosphate is tetrahedrally isoelectronic with 
arsenate and can compete for oxyanion sorption sites on oxygen- 
functionalized surfaces, and where phosphate can also form insoluble 
lead phosphate phases (Pb₃(PO₄)₂). Citrate may chelate divalent cations 
(log K ≈ 3.8 for Cd2+ and ≈ 4.1 for Pb2+; [33]) and may also coordinate 
with As(V) at pH 4.0, although with markedly lower affinity than for 
divalent cations. The implications of buffer identity for the interpreta
tion of pH effects on all three contaminants are discussed in Section 4.1.

2.4.2. Effect of pH and particle size
A 5 × 3 full factorial design with two independent replicates per cell 

(n = 30 per metal) was used to evaluate the effects of pH (4.0, 6.0, 6.8, 
8.0, and 8.5) and particle size (75, 150, and 300 μm) at a fixed bio
sorbent dosage of 10 g L− 1. The initial pH was controlled using 0.1 M 
citrate buffer for pH 4.0 and 6.0, 0.1 M phosphate buffer for pH 6.8 and 
8.0, and borate buffer prepared from 0.2 M H₃BO₃ and 0.2 M NaOH for 
pH 8.5. Ionic strength was not independently adjusted to a common 
background electrolyte concentration and therefore varied implicitly 
among buffer systems. Aliquots of 50 mL were agitated at 200 rpm for 
24 h at 20 ± 2 ◦C, then filtered under vacuum and analyzed by ICP-OES 
(Section 2.7).

2.4.3. Effect of biosorbent dosage and particle size
A 3 × 3 full factorial design with two independent replicates per cell 

(n = 18 per metal) was used to evaluate the effects of biosorbent dosage 
(5, 10, and 15 g L− 1) and particle size (75, 150, and 300 μm) at the 
apparent optimal pH identified for each contaminant in Section 2.4.2: 
pH 4.0 for As(V), pH 6.0 for Cd(II), and pH 8.5 for Pb(II). The corre
sponding buffer systems were 0.1 M citrate buffer for As(V) at pH 4.0, 
0.1 M citrate buffer for Cd(II) at pH 6.0, and borate buffer prepared from 
0.2 M H₃BO₃ and 0.2 M NaOH for Pb(II) at pH 8.5. Other experimental 
conditions were as described in Section 2.4.2.

2.5. Adsorption kinetics and equilibrium uptake

Kinetic experiments were performed in duplicate (50 mL solution; 
biosorbent dosage 15 g L− 1; 200 rpm; 20 ± 2 ◦C) at the apparent optimal 
pH and particle size identified for each contaminant in Section 2.4.2: 
150 μm at pH 4.0 for As(V); 75 μm at pH 6.0 for Cd(II); 150 μm at pH 8.5 
for Pb(II). The corresponding buffer systems were 0.1 M citrate buffer 
for As(V) at pH 4.0, 0.1 M citrate buffer for Cd(II) at pH 6.0, and borate 
buffer prepared from 0.2 M H₃BO₃ and 0.2 M NaOH for Pb(II) at pH 8.5; 
ionic strength was not independently adjusted to a common background 
electrolyte concentration and therefore varied implicitly according to 
the buffer system. Aliquots were withdrawn at 0, 10, 40, 70, 130, 190, 
and 250 min, filtered, and analyzed by ICP-OES. Pseudo-first-order 
(PFO), pseudo-second-order (PSO), and intraparticle diffusion 
(Weber–Morris, IPD) models were fitted to the kinetic data; model ex
pressions and parameter definitions are compiled in Table S2. PFO and 
PSO were fitted by non-linear regression (Levenberg–Marquardt 

algorithm); IPD by ordinary least-squares of qt versus t0.5. IPD was used 
to identify rate-controlling stages compatible with diffusion-limited 
transport rather than as exclusive mechanistic evidence. Model ade
quacy was evaluated using R2, R2adj, RMSE, and χ2 [34,35].

Equilibrium uptake experiments were conducted for 250 min, cor
responding to the maximum contact time used in the kinetic assays and 
selected to allow direct comparison between kinetic and equilibrium 
datasets. Three biosorbent dosages (5, 10, and 15 g L− 1) were evaluated 
under the apparent optimal conditions identified for each contaminant 
in Section 2.4.2. Because this contact time represents an operational 
endpoint rather than a full 24 h equilibration period, the resulting values 
are interpreted as apparent equilibrium uptake under the tested condi
tions. The same buffer systems used in the dosage–particle-size assays 
(Section 2.4.3) were applied: 0.1 M citrate buffer for As(V) at pH 4.0, 
0.1 M citrate buffer for Cd(II) at pH 6.0, and borate buffer prepared from 
0.2 M H₃BO₃ and 0.2 M NaOH for Pb(II) at pH 8.5; ionic strength was not 
independently adjusted to a common background electrolyte concen
tration and therefore varied implicitly according to the buffer system. 
Because a single initial concentration (C₀ = 50 mg L− 1) combined with 
three dosages produces narrow equilibrium concentration ranges un
suitable for reliable isotherm regression, results are reported as apparent 
uptake values rather than as Langmuir or Freundlich parameters, and no 
maximum adsorption capacity (qmax) is reported. The combination of 
kinetic and apparent-equilibrium series at the same dose range (5–15 g 
L− 1) and metal-specific optima allows direct evaluation of dose depen
dence and time-to-equilibrium across contaminants; the resulting inter- 
series comparison for Cd(II) is examined in Sections 3.3 and 4.1. This 
isotherm limitation is discussed further in Section 4.4.

2.6. Fixed-bed column experiments

Continuous-flow experiments were conducted in duplicate for each 
contaminant (two independent column runs per metal) in a glass column 
(internal diameter 2.5 cm; total height 35 cm) packed with CT bio
sorbent at a single particle size of 300 μm, coarser than the batch opti
mum for any metal and selected to minimize pressure drop. A glass-wool 
plug (≈ 2 cm) retained the biosorbent; packed mass was 6 g (bed height 
9.5–10 cm; Table S5). Metal solutions (C₀ = 50 mg L− 1) were pumped in 
down-flow mode at 4 mL min− 1, corresponding to an empty bed contact 
time (EBCT) of ≈ 11.7–12.3 min. Column experiments were conducted 
using the same contaminant-specific pH and buffer systems applied in 
the kinetic and apparent-equilibrium assays: 0.1 M citrate buffer for As 
(V) at pH 4.0, 0.1 M citrate buffer for Cd(II) at pH 6.0, and borate buffer 
prepared from 0.2 M H₃BO₃ and 0.2 M NaOH for Pb(II) at pH 8.5. The 
column was conditioned with 100 mL of the corresponding pH buffer 
prior to operation. Effluent was sampled at 10, 40, 70, 130, 190, and 
250 min and analyzed by ICP-OES.

Breakthrough curves (C/C₀ versus t) were fitted to the Thomas model 
by non-linear regression using the Levenberg–Marquardt algorithm as 
implemented in scipy.optimize.curve_fit [36,37]. The mathematically 
equivalent Yoon–Nelson parameters were derived algebraically (KYN =

KTH × C₀; τ = q₀⋅m / (Q⋅C₀)) [38]. Goodness of fit was evaluated using R2 

and χ2. Equations and parameter definitions are provided in Table S2. 
The Thomas model parameter q₀ was interpreted as a model-derived bed 
capacity under the specific column operating conditions tested, rather 
than as an intrinsic maximum adsorption capacity of the biosorbent.

2.7. Metal analysis and statistical analysis

Residual metal concentrations in batch and column effluents were 
determined by inductively coupled plasma optical emission spectrom
etry (ICP-OES) according to ISO 11885:2007 at CERPER S.A. (Arequipa, 
Peru; INACAL-accredited, Reg. No. LE-003). Limits of detection were 
0.02 mg L− 1 for As, 0.001 mg L− 1 for Cd, and 0.007 mg L− 1 for Pb. 
Laboratory-fortified blank recoveries were 90–99%. Removal (%) =
[(C₀ − Ce) / C₀] × 100, and qe (mg g− 1) = [(C₀ − Ce) × V] / m.
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The effects of pH, particle size, and dosage on batch removal effi
ciency were evaluated using factorial ANOVA (Type II sums of squares) 
followed by Tukey's HSD (α = 0.05). Effect size was quantified by partial 
eta-squared (η2p), with 90% confidence intervals obtained by non
centrality inversion of the F statistic [39]; partial omega-squared (ω2p) 
was reported in parallel as a less upwardly biased complement [40]. 
Effect-size interpretation followed Richardson [41]: η2p < 0.06 =
negligible; 0.06–0.14 = small; 0.14–0.60 = moderate; ≥ 0.60 = large. 
Analyses were performed in Python 3.12.3 using statsmodels 0.14 and 
SciPy 1.17.0, and cross-checked in R 4.5.1 [42] using the 
apaTables package [43]. The full ANOVA output (sums of squares, mean 
squares, F statistics) and the reproducible R and Python analysis scripts 
are openly available through the Zenodo repository deposit (DOI: 
https://doi.org/10.5281/zenodo.19646178; see Data availability). The 
limited factorial replication (n = 2 per cell) restricts the precision of 
effect-size estimation, particularly for Pb(II) (discussed further in Sec
tion 4.8). Figures were prepared in Origin 2021b.

3. Results

3.1. Effect of NaOH modification on surface chemistry

NaOH treatment produced a consistent pattern of physicochemical 
changes relevant to sorption performance. The point of zero charge 
(pHPZC) was determined from the intersection of pH drift curves with the 
pHi = pHf bisector (Fig. S3a–c). For the native biosorbent (NC), pHPZC 
was 4.47 ± 0.15 (mean ± SD, n = 3 particle-size fractions; range 
4.31–4.60); after NaOH treatment (CT), pHPZC increased to 6.83 ± 0.15 
(range 6.71–7.00), corresponding to a net shift of 2.36 pH units 
(Fig. S3d). The low inter-size variability (CV < 3%) indicates that pHPZC 
is governed by cell-wall composition rather than particle size within the 
75–300 μm range. This shift is the most diagnostic change for charge- 
dependent behavior, because it reverses the expected direction of sur
face charge at the near-neutral pH values representative of many 
contaminated effluents.

FTIR spectra (Fig. 2; band assignments in Table S3) provided direct 
spectroscopic evidence of the chemical transformations underlying the 
pHPZC shift. Spectra of NC, CT, and DA (after Pb(II) sorption) shared a 
broad O–H/N–H stretching band (3335–3340 cm− 1) and C–H stretch
ing bands (2883–2884 cm− 1). The most diagnostic change was the 
disappearance of the C––O stretching band at ~1735 cm− 1 (acetyl and 
uronic ester groups in hemicellulose), present only in NC and consistent 
with ester-bond saponification during alkaline treatment. Three finger
print bands showed increased intensity in CT and DA relative to NC: the 
aromatic skeletal vibration at 1594 cm− 1, the C–H symmetric bending 
band at 1379 cm− 1, and the C–O stretching/C–O–C deformation band 
at 1028–1032 cm− 1. The β-glycosidic linkage band at 896 cm− 1 became 
more pronounced after NaOH treatment. The CT and DA spectra showed 
minimal differences, indicating that Pb(II) sorption did not introduce 
new FTIR-detectable bands at the sensitivity of the measurement.

Compositional and textural analyses were consistent with these 
spectroscopic observations. NaOH treatment reduced hemicellulose 
from 18.2% to 12.4% and lignin from 22.8% to 19.5%, while cellulose 
increased in relative abundance from 28.5% to 32.1% (Table S4), 
consistent with partial hemicellulose solubilization and modest lignin 
loss during alkaline hydrolysis. Mean ash content increased from 0.72% 
in NC to 1.51% in CT (Δ ≈+109%), whereas phosphorus decreased from 
a mean of 49.3 mg kg− 1 in NC to below detection in CT. Fe and Ca + Mg 
remained within comparable ranges in NC and CT. Because values 
correspond to single determinations for three particle-size fractions from 
a single biosorbent preparation, they are presented as descriptive ob
servations rather than as the outcome of formal statistical testing (see 
Section 4.8 for further discussion). BET analysis (Table S6) showed that 
NaOH treatment reduced the specific surface area from 1.25 to 0.20 m2 

g− 1 while increasing the average pore diameter from 1.88 nm (micro
pore range) to 7.98 nm (mesopore range, IUPAC); because BET reflects 

N₂ accessibility in the dry state, it may underestimate the sorption- 
relevant surface available in aqueous media (discussed mechanistically 
in Section 4.1). SEM (Fig. 1) revealed a compact, laminar NC surface 
with parallel ridges; CT showed surface disruption and exposure of 
regularly aligned pit-like features consistent with partial removal of 
surface-associated components; and DA showed locally smoother do
mains with a discrete bright deposit visible at higher magnification, 
consistent with adsorbed material at the outer surface.

3.2. Batch performance: Optimal conditions for each metal

Two independent factorial experiments were conducted: pH × par
ticle size (5 × 3, n = 30; fixed dosage 10 g L− 1) and dosage × particle size 
(3 × 3, n = 18; at the metal-specific optimum pH identified from the first 
experiment). In the pH × particle-size experiment (Table 1a), all three 
predictors significantly affected Pb(II) and Cd(II) removal. For Pb(II), all 
predictors reached near-unity effect sizes (pH × particle-size interaction 
η2p = 0.999; pH η2p = 0.997; particle size η2p = 0.984). For Cd(II), pH 
exerted a very large effect (η2p = 0.951), particle size a large effect (η2p 
= 0.738), and the interaction represented the strongest contribution 
(η2p = 0.979). Removal of both cationic metals increased above the 
pHPZC of CT, with Pb(II) reaching 99.57 ± 0.19% at pH 8.5 and Cd(II) 
reaching 38.4 ± 0.9% at pH 6.0/75 μm (Fig. S1; further inter-series 
comparison in Section 3.3). For As(V), no main effect or interaction 
reached statistical significance (all p > 0.05; η2p < 0.08), consistent with 
the negligible removal (<8%) observed across all 15 factor 
combinations.

The dosage × particle-size experiment (Table 1b; Fig. S2) confirmed 
that increasing biosorbent dosage from 5 to 15 g L− 1 enhanced both Pb 
(II) and Cd(II) removal. For Cd(II), biosorbent dosage was the most 
influential factor (η2p = 0.991; F(2,9) = 518.6, p < 0.001), with removal 
for the 75 μm fraction increasing from ~31% at 5 g L− 1 to 76% at 10 g 
L− 1 and 99.72 ± 0.01% at 15 g L− 1. For Pb(II), all predictors showed 
near-unity effect sizes (η2p ≥ 0.998), reflecting that >98% removal was 
already achieved at the lowest dosage. As(V) showed no significant 
response (all p > 0.05). The very high η2p values for Pb(II) reflect the 
strong treatment effects combined with limited residual variance (n = 2 
per cell) and should be interpreted as evidence of saturating effects 
(discussed further in Section 4.8). The optimal conditions are summa
rized in Table 2.

3.3. Reproducibility and dose dependence

The reproducibility of sorption performance across independent 
experimental series is central to the practical utility of a biosorbent for 
water treatment. This section compares Pb(II) and Cd(II) behavior across 
three independent series conducted at 15 g L− 1: the dosage × particle- 
size factorial (Section 3.2), the kinetic series at the metal-specific opti
mum, and the equilibrium series at three dosages. Pb(II) showed 
consistently high removal (>98.9%) across all three series, with qe 
decreasing monotonically from 9.96 ± 0.04 mg g− 1 at 5 g L− 1 to 3.33 ±
0.01 mg g− 1 at 15 g L− 1 in the equilibrium series (Table 3). Cd(II), in 
contrast, yielded markedly different outcomes across the four indepen
dent series conducted at nominally identical pH 6.0 and 75 μm: 99.72% 
removal in the dosage × particle-size factorial at 15 g L− 1 (24 h contact), 
38.4% removal in the pH × particle-size factorial at 10 g L− 1 (24 h 
contact), and only 5.5–12.0% in the independent equilibrium series 
across 5, 10, and 15 g L− 1 (250 min contact; qe = 0.35–0.55 mg g− 1; 
Table 3). A separate single-dose kinetic experiment at 15 g L− 1 over 250 
min reached qe,exp. = 3.36 mg g− 1 (≈ 100% removal; Table S7), in close 
agreement with the dosage × particle-size factorial result and confirm
ing that Cd(II) approaches saturation when both biosorbent loading and 
contact time are sufficient. Operational details and inter-series vari
ability are quantified in Table S9, and per-cell replicate dispersion (co
efficients of variation) for both factorial designs is summarized in 
Table S11. For As(V), the equilibrium series yielded Ce consistently 
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exceeding C₀ at all three dosages (Table 3), reported as an empirical 
observation of poor and unstable retention; the implications are exam
ined in Section 4.1.

Kinetic data (Table S7; Fig. 3) characterized the rate of approach to 
equilibrium under the optimal pH and particle-size conditions for each 
metal. Uptake was rapid during the initial phase; based on the fitted 
pseudo-first-order (PFO) model, more than 50% of the equilibrium ca
pacity was attained within ~30 min for As(V) and ~ 60 min for Cd(II) 
and Pb(II). As(V) approached equilibrium after ~130 min (k₁ = 0.0220 
min− 1); Cd(II) and Pb(II) required ~200 min (k₁ = 0.0114 and 0.0110 
min− 1, respectively).

The PFO model provided the best overall fit for all three species 
based on combined R2, R2adj, RMSE, χ2, AICc, and qe,calc/qe,exp. 
agreement. PFO-derived equilibrium capacities were 1.98 mg g− 1 for As 
(V), 3.60 mg g− 1 for Cd(II), and 3.76 mg g− 1 for Pb(II), representing 
deviations of 4.0%, 7.2%, and 13.4% from experimental values. For Cd 
(II), PFO and PSO were statistically indistinguishable by AICc (ΔAICc =
1.45); PFO was retained based on superior qe,calc/qe,exp. agreement 
(PSO overestimated Cd(II) qe by 42%: 4.78 vs. 3.36 mg g− 1). The 

intraparticle diffusion model showed the poorest fit for As(V) (R2 =

0.749) and Pb(II) (R2 = 0.937), with qt versus t0⋅5 plots displaying 
multilinearity rather than a single linear segment (Fig. 3c), and residuals 
of the PFO fits showed random scatter within the ±RMSE band (Fig. 3d). 
As discussed in Section 4.4, kinetic-model identity alone is not used here 
to infer mechanism.

The Cd(II) inter-series discrepancy (99.72% vs. 38.4% vs. 
5.5–12.0%) represents a notable reproducibility limitation and cannot 
be attributed to a single factor. The series were conducted under 
nominally identical citrate buffering (pH 6.0) and used CT material from 
a single NaOH-modification preparation (Section 2.2), but differed in 
biosorbent dosage (10 vs. 15 g L− 1), contact time (250 min vs. 24 h), and 
replication regime; candidate contributing factors therefore include 
incomplete equilibration, dose-dependent saturation thresholds, and 
buffer-mediated complexation rather than batch-to-batch variability. By 
contrast, Pb(II) removal was internally consistent across series despite 
the same operational differences, indicating that Pb(II) is intrinsically 
less sensitive than Cd(II) to these variables. The mechanistic interpre
tation and practical implications are examined in Sections 4.1 and 4.2, 

Fig. 1. SEM micrographs of olive stone (Olea europaea L.) at three processing stages: (a) native biosorbent (NC), 5.00 K×; (b) NaOH-modified biosorbent (CT), 5.00 
K×; (c) post-adsorption biosorbent (DA) at high magnification (50.00 K×, 200 nm scale bar), showing a discrete surface deposit consistent with adsorbed Pb species; 
and (d) DA at 5.00 K× (2 μm scale bar), showing the corresponding overall textural appearance. Samples were mounted on aluminum stubs with carbon tape and 
examined without conductive coating using a Zeiss Supra 40 SEM operated at 20 kV with an SE1 detector and a working distance of 9.5 mm. NC = native biosorbent; 
CT = NaOH-modified; DA = CT after Pb(II) sorption.
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respectively.

3.4. Fixed-bed column performance

Fixed-bed column experiments were conducted under a common set 
of operating conditions (C₀ = 50 mg L− 1; Q = 4 mL min− 1; m = 6 g; bed 
height 9.5–10 cm; particle size 300 μm; EBCT ≈ 12 min; full conditions 
in Table S5) to evaluate the dynamic performance of NaOH-modified 
olive stone for the three contaminants under continuous-flow opera
tion representative of practical water treatment. The coarse particle size 
(300 μm), selected to minimize pressure drop, is coarser than the batch- 
identified optimum for any of the three metals; the implications for 
batch–column comparison are examined in Section 4.3.

Breakthrough curves (Fig. 4) showed the characteristic S-shaped 
profile, with As(V) breaking through earliest, followed by Pb(II) and Cd 
(II). As(V) and Pb(II) approached C/C₀ ≈ 1.0 within 250 min, whereas 
the Cd(II) curve did not reach full saturation (C/C₀ ≈ 0.87 at 250 min). 
Both Thomas and Yoon–Nelson parameterizations yielded R2 > 0.97 for 
all three species, with Pb(II) showing the best fit (R2 = 0.994; Table 4). 
The 50% breakthrough time (τ) followed As(V) (53.0 min) < Pb(II) 
(68.1 min) < Cd(II) (120.3 min), and model-derived column capacities 
(q₀) followed Cd(II) (4.01 mg g− 1) > Pb(II) (2.27 mg g− 1) > As(V) (1.77 
mg g− 1).

The Thomas rate constant was markedly higher for Pb(II) (0.004156 
L mg− 1 min− 1) than for As(V) (0.000926) and Cd(II) (0.000883), 

indicating faster column kinetics for Pb(II) consistent with the shorter τ 
and the steeper breakthrough curve observed in Fig. 4.

Two caveats constrain the interpretation of the column results. First, 
the Cd(II) fitted parameters (q₀ = 4.01 mg g− 1, KTH = 0.000883 L mg− 1 

min− 1, τ = 120.3 min) derive from a breakthrough curve that did not 
reach saturation within the 250-min operating window, and therefore 
represent model extrapolations rather than observed equilibria. Second, 
the numerical q₀ reported for As(V) (1.77 mg g− 1) exceeds the negligible 
batch uptake of the same contaminant (Section 3.3); this reflects that 
continuous-flow operation integrates transient retention along the 
breakthrough curve rather than allowing bulk re-equilibration, and the 
rapid breakthrough (τ = 53.0 min) confirms that As(V) retention re
mains limited under both operational modes, consistent with the absent 
net adsorption observed in batch equilibrium (Ce > C₀; Section 3.3 and 
Table 3). These caveats are examined further in Section 4.3.

3.5. Charge-dependent behavior in batch and continuous flow

The combined batch and fixed-bed datasets reveal a consistent 
pattern of charge-dependent removal that differentiates the three con
taminants and the two operational modes. Three observations summa
rize this pattern.

First, Pb(II) showed robust and reproducible removal across all 
experimental configurations. Batch removal remained above 98.9% 
across all three independent series tested at 15 g L− 1 (factorial optimum, 

Table 1 
Two-way ANOVA results (Type II SS) for apparent removal of Pb(II), Cd(II), and As(V) by NaOH-modified olive stone.

Predictor Contaminant df F p η2p 90% CI ω2p Sig.

(a) pH × particle size factorial design (5 × 3; n = 30 per contaminant; residual df = 15)
pH Pb(II) 4 1070.39 <0.001 0.997 [0.990, 0.997] 0.995 ***
pH Cd(II) 4 73.57 <0.001 0.951 [0.869, 0.961] 0.936 ***
pH As(V) 4 0.328 0.855 0.080 [0.000, 0.122] 0.000 ns
Particle size Pb(II) 2 465.51 <0.001 0.984 [0.961, 0.989] 0.981 ***
Particle size Cd(II) 2 21.17 <0.001 0.738 [0.442, 0.815] 0.691 ***
Particle size As(V) 2 0.121 0.887 0.016 [0.000, 0.089] 0.000 ns
pH × Size Pb(II) 8 1641.40 <0.001 0.999 [0.996, 0.999] 0.998 ***
pH × Size Cd(II) 8 86.24 <0.001 0.979 [0.930, 0.980] 0.966 ***
pH × Size As(V) 8 0.131 0.997 0.065 [0.000, <0.001] 0.000 ns
(b) Dose × particle size factorial design (3 × 3; n = 18 per contaminant; residual df = 9)
Dose Pb(II) 2 2682.39 <0.001 0.998 [0.994, 0.999] 0.998 ***
Dose Cd(II) 2 518.59 <0.001 0.991 [0.969, 0.994] 0.989 ***
Dose As(V) 2 0.988 0.409 0.180 [0.000, 0.404] 0.000 ns
Particle size Pb(II) 2 3863.15 <0.001 0.999 [0.996, 0.999] 0.998 ***
Particle size Cd(II) 2 89.85 <0.001 0.952 [0.836, 0.966] 0.937 ***
Particle size As(V) 2 0.655 0.542 0.127 [0.000, 0.345] 0.000 ns
Dose × particle size Pb(II) 4 2262.50 <0.001 0.999 [0.996, 0.999] 0.998 ***
Dose × particle size Cd(II) 4 16.32 <0.001 0.879 [0.551, 0.902] 0.814 ***
Dose × particle size As(V) 4 1.547 0.269 0.407 [0.000, 0.517] 0.135 ns

Note. Effect sizes are reported as partial eta-squared (η2p) with 90% confidence intervals estimated by noncentrality inversion of the F statistic [39], and as partial 
omega-squared (ω2p) [40]. Effect-size interpretation followed the thresholds described in the Statistical analysis section. For non-significant effects with F < 1, 
noncentrality-based CIs may collapse to a near-zero upper bound, shown here as <0.001 — a computational artifact. For Pb(II), η2p values approaching unity reflect 
saturating removal under limited residual variance. ***p < 0.001; ns = not significant at α = 0.05. Complete ANOVA outputs and reproducible analysis scripts are 
available in the Zenodo repository (DOI: https://doi.org/10.5281/zenodo.19646178).

Table 2 
Best-performing factorial conditions for apparent removal of Pb(II), Cd(II), and As(V) by NaOH-modified olive stone.

Contaminant pH Particle size 
(μm)

Dosage 
(g L− 1)

Removal 
(%)

Tukey group Optimizing factorial design

Pb(II) 8.5 ᵇ 150 10 99.57 ± 0.19 A pH × Size
Cd(II) 6.0 75 15 99.72 ± 0.01 ᵃ A Dose × Size
As(V) 4.0 150 15 7.30 ± 1.75 A None (n.s.)

Note. Conditions: C₀ = 50 mg L− 1, 24 h, 20 ± 2 ◦C, 200 rpm, and n = 2 per cell. Optimal levels were selected by Tukey's HSD as the highest cell mean within Group A (α 
= 0.05). The “Optimizing factorial design” column indicates the factorial experiment from which the reported condition was obtained (Table 1). For As(V), no factor 
reached significance in either factorial design; therefore, the listed conditions correspond to the highest observed mean. n.s. = not significant. ᵃ The 99.72% Cd(II) 
value represents the upper bound of an operational range (5.5–99.7% across independent series; Table 3, Table S9), largely attributable to operational differences 
between series (dose, contact time, replication regime); see Sections 2.2 and 4.1 for the single-batch design caveat. b  The Pb(II) optimum was identified at pH 8.5 using 
borate buffer and is therefore not subject to the phosphate-mediated confound discussed for Pb(II) removal at pH 6.8–8.0 (Sections 4.1 and 4.8).
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kinetic series, equilibrium series; Sections 3.2 and 3.3), and column 
operation yielded a clean S-shaped breakthrough with R2 = 0.994 and a 
well-defined dynamic operation time of τ = 68.1 min (Section 3.4). 
Removal exceeded 98% already at the lowest dosage tested (5 g L− 1), 
indicating that operating conditions were not limiting under the regime 
tested.

Second, Cd(II) showed uptake that was strongly condition-dependent 
and operationally sensitive. Batch removal spanned from 5.5 to 12.0% in 
the equilibrium series to 99.72% in the dosage × particle-size factorial 
under nominally identical pH, both conducted using CT material from a 
single NaOH-modification preparation (Section 2.2) under different 
operational conditions (dosage, contact time, and replication regime; 
Section 3.3). In column operation, Cd(II) showed the latest break
through among the three metals (τ = 120.3 min), the highest fitted 
column capacity (q₀ = 4.01 mg g− 1), and an incomplete approach to 

saturation at 250 min. The combination of strong dosage dependence, 
inter-series variability, and extrapolated column parameters indicates 
that Cd(II) performance is operationally usable but requires standard
ized operating conditions (dosage and contact time) for reproducibility.

Third, As(V) showed consistently limited removal across all config
urations. Batch removal remained below 8% across the 15 pH × size 
combinations and the 9 dosage × size combinations tested, with Ce 
exceeding C₀ at all three dosages in the equilibrium series (Section 3.3). 
Column operation yielded the earliest breakthrough (τ = 53.0 min) and 
the lowest column capacity (q₀ = 1.77 mg g− 1). No operating condition 
within the tested parameter space yielded As(V) removal compatible 
with water treatment application.

Comparing batch and column ranking provides additional informa
tion for process design. Under batch operation at 15 g L− 1, Pb(II) yielded 
the highest uptake (qe up to 9.96 mg g− 1 in the equilibrium series), 
while Cd(II) ranged from 0.40 to 3.36 mg g− 1 across series. Under col
umn operation at 6 g packed bed, Cd(II) yielded the highest fitted q₀ 
(4.01 mg g− 1). This apparent inversion reflects the different operational 
regimes (different biosorbent mass, different particle size, and for Cd(II) 
an incomplete saturation at the end of the run) rather than a reversal of 
intrinsic affinity; the mechanistic interpretation is developed in Section 
4.1, and the operational implications for process design are examined in 
Section 4.3. Fig. 5 summarizes the charge-dependent performance 
pattern across both operational modes.

4. Discussion

4.1. Mechanistic basis of charge-dependent performance

NaOH treatment altered the biosorbent surface through several 
interconnected processes that together explain the charge-dependent 
performance observed in both batch and fixed-bed configurations. 
Alkaline hydrolysis produced compositional shifts consistent with 
hemicellulose solubilization and modest lignin loss (hemicellulose 
18.2% → 12.4%, lignin 22.8% → 19.5%, cellulose 28.5% → 32.1%; 
Table S4), consistent with reports on alkaline pretreatment of lignocel
lulosic residues [16,17,44]. BET surface area decreased from 1.25 to 
0.20 m2 g− 1 but average pore diameter increased from 1.88 to 7.98 nm 
(Table S6), indicating reduced contribution of the smallest pores and 
greater accessibility of larger domains; similar textural modifications 
have been reported for olive-derived materials [29]. FTIR (Fig. 2; 
Table S3) provided direct spectroscopic evidence of ester-bond saponi
fication at ~1735 cm− 1, consistent with the formation of carboxylate 
salts analogous to those reported for NaOH-treated pineapple waste 
biomass [45]. Intensification of the aromatic band at 1594 cm− 1, the 
C–O/C–O–C deformation at 1028–1032 cm− 1, and the β-glycosidic 
linkage at 896 cm− 1 in CT and DA is consistent with a greater relative 
contribution of lignin- and cellulose-dominated domains after hemicel
lulose removal. The minimal spectral difference between CT and DA 
indicates that Pb(II) sorption did not introduce new FTIR-detectable 
bands, consistent with a mechanism dominated by electrostatic in
teractions and ion exchange on pre-existing carboxylate- and hydroxyl- 
containing surface domains.

The pHPZC shift from 4.47 to 6.83 is the most consequential change 
for charge-dependent performance. The shift was essentially indepen
dent of particle size (CV < 3%; Fig. S3d), indicating that surface 
chemistry governing proton exchange is controlled by cell-wall 
composition rather than particle size. The upward shift is consistent 
with ester-bond saponification and greater exposure of hydroxyl-rich 
cellulose domains, both of which increase surface proton buffering ca
pacity. For Pb(II), the optimum pH (8.5) lies clearly above the pHPZC, 
favoring a net negative surface charge and therefore electrostatic 
attraction and complexation with deprotonated oxygen-containing 
groups; although partial Pb(OH)+ hydrolysis becomes significant at 
this pH, bulk Pb(OH)₂ precipitation is thermodynamically favorable 
only above pH ≈ 9, so the observed uptake is consistent with sorption- 

Table 3 
Observed equilibrium concentrations, apparent uptake, and removal of Pb(II), 
Cd(II), and As(V) by NaOH-modified olive stone at three biosorbent doses (C₀ =
50 mg L− 1).

Dose (g L− 1) Contaminant Ce (mg L− 1) qe (mg g− 1) Removal (%)

5 Pb(II) 0.22 ± 0.20 9.96 ± 0.04 99.6
5 Cd(II) 47.23 ± 0.50 0.55 ± 0.10 5.5
5 As(V) 52.60 ± 1.76 ᵃ n.d. n.d.
10 Pb(II) 0.53 ± 0.60 4.95 ± 0.06 98.9
10 Cd(II) 46.50 ± 0.26 0.35 ± 0.03 7.0
10 As(V) 53.83 ± 0.66 ᵃ n.d. n.d.
15 Pb(II) 0.05 ± 0.07 3.33 ± 0.01 99.9
15 Cd(II) 44.00 ± 0.26 0.40 ± 0.02 12.0
15 As(V) 51.57 ± 1.35 ᵃ n.d. n.d.

Note. Ce = equilibrium concentration; qe = apparent amount adsorbed at 
equilibrium; n.d. = not determined because no net adsorption was detected. 
Values are mean ± SD (n = 3). Conditions: C₀ = 50 mg L− 1, contact time = 250 
min, 20 ± 2 ◦C, 200 rpm, and contaminant-specific optimal pH and particle size 
(Table 2). For Cd(II), the values shown correspond to the dose-dependent 
equilibrium series, which falls 6–8-fold below the kinetic and factorial series 
performed under identical pH and particle size and is treated as a localized 
reproducibility outlier (Section 4.1; Table S9); representative Cd(II) uptake is 
better reflected by the kinetic series (qe ≈ 3.36 mg g− 1). a  For As(V), Ce exceeded 
C₀ at all doses, indicating no net adsorption under these equilibrium conditions; 
therefore, qe and removal were not calculated. Future work should include 
blank leaching controls using CT in contaminant-free buffered solutions to verify 
whether this pattern reflects matrix effects or apparent release from the bio
sorbent (Section 4.8).

Table 4 
Thomas and Yoon–Nelson model parameters fitted to fixed-bed breakthrough 
curves of Pb(II), Cd(II), and As(V) using NaOH-modified olive stone.

Contaminant KTH (L mg− 1 

min− 1)
q0 

(mg 
g− 1)

KYN 

(min− 1)
τ (min) R2 χ2

Pb(II) 0.004156 2.27 0.2078 68.1 0.994 0.006
Cd(II) 0.000883 ᵃ 4.01 ᵃ 0.0441 ᵃ 120.3 ᵃ 0.972 0.071
As(V) 0.000926 1.77 ᵇ 0.0463 53.0 ᵇ 0.977 0.088

Note. KTH = Thomas rate constant; q₀ = Thomas model-estimated column 
adsorption capacity; KYN = Yoon–Nelson rate constant; τ = time required for 
50% breakthrough. Conditions: C₀ = 50 mg L− 1, Q = 4 mL min− 1, m = 6 g, bed 
height = 9.5–10 cm, and particle size = 300 μm. Thomas parameters were fitted 
by non-linear regression using the Levenberg–Marquardt algorithm. 
Yoon–Nelson parameters were derived algebraically from the Thomas model 
using KYN = KTH × C₀ and τ = q₀m/(QC₀). a  The Cd(II) breakthrough curve did not 
reach complete saturation within the experimental runtime (C/C₀ ≈ 0.87 at 250 
min); therefore, the corresponding parameters represent model-based extrapo
lations and should be interpreted with caution. ᵇ The numerical q₀ value for As 
(V) reflects transient retention integrated along the breakthrough curve rather 
than process-relevant adsorption capacity; the rapid breakthrough (τ = 53.0 
min) indicates limited arsenate retention under continuous-flow operation 
(Section 4.3).
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dominated retention. A caveat applies to Pb(II) at pH 6.8 and 8.0, where 
phosphate in the buffer medium can form insoluble lead phosphate 
phases (Pb₃(PO₄)₂; log Ksp ≈ − 43): the factorial optimum (pH 8.5, 
borate buffer) is not affected by this confound, but Pb(II) removal values 
at pH 6.8 and 8.0 must be interpreted as upper bounds that integrate 
sorption and possible phosphate-mediated precipitation contributions. 
The robustness of Pb(II) removal across all experimental series (>98.9%; 
Section 3.3) is consistent with strong intrinsic affinity for the deproto
nated carboxylate and hydroxyl groups of the modified surface, and with 
interaction mechanisms previously reported for olive stone waste [46]. 
Distribution coefficients (Kd) derived from the dose-dependent series 
corroborate the markedly stronger affinity of the modified surface for Pb 
(II) than for Cd(II) (Table S10).

For Cd(II), the optimum pH (6.0) lies approximately 0.8 units below 
the mean pHPZC of CT; under these near-neutral conditions, carboxyl 
groups (pKa ≈ 4–5) are expected to be largely deprotonated even though 
the surface is not yet net negative, indicating that electrostatic attraction 
alone is insufficient and that specific interactions with deprotonated 
carboxylate and surface hydroxyl groups likely contribute. The pro
nounced dosage effect (η2p = 0.991) is the dominant and most repro
ducible driver of Cd(II) removal: within the dose × particle-size 
factorial, removal rises monotonically with dose at pH 6.0/75 μm (31% 
→ 76% → 100% for 5 → 10 → 15 g L− 1; Section 3.2), placing the system 
on a steep sensitivity threshold near 10–15 g L− 1. Contact time is not the 
controlling factor under the tested conditions, because the kinetic series 
reached near-complete uptake within 250 min at 15 g L− 1 (Section 3.3); 
citrate-mediated complexation at pH 6.0 (log K ≈ 3.8 for Cd2+; [33]) is 
at most a secondary modulating factor and cannot account for the inter- 
series discrepancy, since all series shared nominally identical citrate 
buffering. Because CT material from a single NaOH-modification prep
aration was used throughout (Section 2.2), batch-to-batch variability is 
also ruled out as a contributor. The inter-series variability (99.72% vs. 
38.4% vs. 5.5–12.0%; Section 3.3 and Table S9) therefore comprises two 
distinct components: a reproducible, dose-governed component 
captured within the dose × particle-size factorial, and a residual run-to- 
run component evident in the lower-than-predicted values of the pH ×

particle-size factorial cell and, most markedly, in the dose-dependent 
equilibrium series, which fell 6–8-fold below both the dose–time pre
diction and the kinetic series performed under identical conditions (15 g 
L− 1, 250 min). This residual is a localized, unresolved reproducibility 
limitation rather than a generalized instability. The implication is that 
Cd(II) performance is mechanistically feasible but operationally unsta
ble without standardized operating conditions (dosage and contact 
time) and controlled replication (Section 4.8).

For As(V), the mechanistic picture is fundamentally different. Under 
the tested pH range, As(V) exists predominantly as anionic species 
(H₂AsO₄− at pH 2–7; HAsO₄2− at pH 7–11; [2,5]), and lignocellulosic 
biosorbents typically show poor affinity for these species [7]. Above the 
pHPZC of CT (6.83), the net negative surface charge would be expected to 
repel arsenate, and NaOH treatment reinforces rather than alleviates this 
rejection. At pH 4.0 the surface should carry a net positive charge; the 
fact that As(V) removal nonetheless remained below 8% under these 
nominally favorable conditions indicates that factors beyond surface 
charge are operative. An electrostatically favorable surface charge is a 
necessary but not sufficient condition for oxyanion retention. Below the 
pHPZC of the CT material (6.83), the integrated surface charge is net 
positive — operationally defined by the pHPZC and reflecting suppressed 
carboxylate ionization together with protonation of minor basic sites 
rather than the generation of oxyanion-specific binding sites — and this 
would in principle promote the electrostatic approach of arsenate ions. 
However, the actual retention requires specific complexation with 
sorption sites of suitable chemistry. The functional groups generated and 
exposed by NaOH treatment — deprotonated carboxylate (–COO− , pKa 
≈ 4–5) and hydroxyl (–OH) — have high affinity for cationic metals 
through inner-sphere complexation [47] but low affinity for oxyanions, 
which require positively charged binding sites such as protonated 
amines, hydroxyl groups associated with hydrolyzed metal centers (Fe- 
OH, Al-OH, La-OH), or coordinatively unsaturated metal sites [7,15,48]. 
The low As(V) uptake at pH 4.0 therefore supports rather than contra
dicts the central hypothesis: NaOH modification favors cation-binding 
chemistry over oxyanion-binding chemistry, and electrostatic favor
ability cannot compensate for the absence of suitable sorption sites. This 

Fig. 2. FTIR transmittance spectra of olive stone (Olea europaea L.) at three processing stages: native biosorbent (NC, orange), NaOH-modified biosorbent (CT, 
green), and post-adsorption biosorbent (DA, blue) collected after Pb(II) sorption experiments. The spectra are shown for (a) the group-frequency region (4000–1800 
cm− 1) and (b) the fingerprint region (1800–450 cm− 1). The band near 1735 cm− 1 (highlighted), assigned to acetyl/uronic ester C––O stretching vibration of 
esterified hemicellulose, was observed in NC but is absent after NaOH treatment, consistent with alkaline saponification. The minimal spectral difference between CT 
and DA indicates that Pb(II) sorption did not introduce new FTIR-detectable bands at the sensitivity of the measurement, consistent with retention on pre-existing 
carboxylate- and hydroxyl-containing surface domains. Complete band assignments are provided in Table S3. Transmittance traces are vertically offset for clarity 
(arbitrary units). (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)
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is the mechanistic justification for the dual-modification strategy (NaOH 
followed by Fe(III) or La(III) impregnation) proposed as a future 
development pathway in Section 4.5.

A methodological consideration must be acknowledged: the pH ×
particle-size factorial employed different buffer systems across pH levels 
(citrate at pH 4.0 and 6.0; phosphate at pH 6.8 and 8.0; borate at pH 
8.5). Phosphate is tetrahedrally isoelectronic with arsenate and a well- 
documented competitor for oxyanion sorption sites, with phosphate 
concentrations in the buffered treatments (several mM) substantially 
exceeding the As(V) concentration (50 mg L− 1 ≈ 0.67 mM as As). 
Consequently, the null effect of pH on As(V) removal observed in the 
ANOVA cannot be cleanly attributed to surface-charge independence: 
the pH 6.8 and 8.0 treatments were subject to phosphate competition 
that may have overridden any residual electrostatic effect, whereas pH 
4.0 (citrate) and pH 8.5 (borate) were not. The conservative interpre
tation is that As(V) removal remained poor across all three buffer win
dows tested, but the factorial design does not permit a clean test of pH as 
an independent variable for this analyte.

A second observation requiring caution is that Ce consistently 
exceeded C₀ for As(V) at all three biosorbent dosages (Table 3), a pattern 
interpreted cautiously as evidence of poor and unstable arsenate 
retention. Two compatible and non-exclusive working hypotheses may 
account for the observation: (i) the complete loss of phosphorus during 
NaOH treatment (49.3 mg kg− 1 → below detection; Table S4) suggests 
dissolution of phosphate-bearing mineral phases, and because As and P 
share analogous geochemical behavior, trace As associated with these 
phases may have been redistributed and subsequently released under 
acidic conditions; (ii) citrate at pH 4.0 may have contributed to trace- 
element mobilization by complexing cationic components of the bio
sorbent matrix. Both are hypotheses only, as the mineralogical specia
tion of the biosorbent was not directly characterized. Regardless of the 
specific mechanism, the practical implication is clear: NaOH-modified 
olive stone is not effective for arsenate removal under the conditions 
tested.

4.2. Implications for water treatment process design

The mechanistic framework developed above translates into a clear 
set of implications for the design of water treatment systems using 
NaOH-modified olive stone. Rather than treating the biosorbent as a 
general-purpose material to be optimized, the more useful framing for 
process design is a contaminant-specific selection logic: the same alka
line modification that favors removal of cationic contaminants con
strains the retention of anionic contaminants, so the material is 
appropriate for cation-dominated effluents and inappropriate for anion- 
dominated effluents, with mixed cation–anion effluents requiring either 
sequential treatment stages or dual-functionality materials. Fig. 5 visu
ally summarizes this contaminant-specific performance across batch and 
fixed-bed operation, supporting the selection logic developed below.

For cation-dominated effluents, NaOH-modified olive stone is a 
viable treatment option for Pb(II). Removal exceeded 98.9% across all 
independent experimental series at dosages as low as 5 g L− 1 (Section 
3.3), indicating that the material is robust to reasonable variation in 
operating conditions within the tested envelope. Practical targets for Pb- 
contaminated effluents from electroplating, battery manufacturing, and 
mining — among the principal point sources in the southern Peruvian 
region where olive stone is locally available [21] — can be addressed 
with dosages within the tested range (5–15 g L− 1) at pH values above the 
pHPZC of the modified material. The breakthrough behavior in fixed-bed 
operation (τ = 68.1 min at Q = 4 mL min− 1, 6 g packed bed; Section 3.4) 
is consistent with this assessment and provides a baseline for scaling 
analyses.

For Cd(II), the situation is more nuanced and requires explicit pro
cess design considerations. Under optimized batch conditions, removal 
can reach 99.72%, but the observed inter-series variability (5.5–99.7%; 
Section 3.3) indicates that direct application of the optimized-factorial 

result to an operational design would be premature. Practical imple
mentation would require: (i) standardized operational protocols (dosage 
and contact time) that control the inter-series variability observed across 
experimental series (Section 3.3); (ii) pre-implementation testing on the 
specific effluent of interest, since citrate-like complexing agents com
mon in some industrial waters may reduce the free Cd2+ fraction 
available for sorption; and (iii) dose control above the operational 
threshold (≥ 15 g L− 1 under the tested conditions) to ensure consistent 
performance. The operational envelope for Cd(II) is therefore narrower 
than for Pb(II), but the material remains usable within that envelope.

For anion-dominated effluents, and specifically for arsenate- 
containing waters, NaOH-modified olive stone is unsuitable. Removal 
below 8% across all tested conditions (Section 3.2) indicates that the 
modification direction (increased carboxylate and hydroxyl exposure, 
elevated pHPZC) reinforces rather than alleviates the electrostatic barrier 
to arsenate retention. Alternative surface modifications that generate 
positively charged sorption sites are required. Metal-loaded biosorbents 
provide a demonstrated route: La(III)-loaded watermelon rind has ach
ieved Langmuir qmax = 74.8 mg g− 1 for As(V) [15] and Fe-impregnated 
henequen biochar qmax = 15.2 mg g− 1 [48,57]. A sequential dual- 
modification strategy — NaOH modification followed by Fe(III) 
impregnation — may be a feasible route for combining cation- and 
anion-binding domains on a single material; however, the complete loss 
of phosphorus observed during NaOH treatment (Table S4) indicates 
disruption of mineral phases whose effect on exogenous Fe(III) retention 
is not yet known and requires direct experimental testing.

For mixed cation–anion effluents — which represent many real in
dustrial and mining wastewaters — the charge-dependent performance 
pattern documented here implies that a single alkaline-modified mate
rial is insufficient. Treatment configurations that combine NaOH- 
modified olive stone (for cation removal) with a metal-loaded bio
sorbent (for anion removal) in sequential fixed-bed columns, or that 
develop bifunctional materials through combined modification, are 
more promising design directions than further optimization of a single 
alkaline treatment. The valorization of olive stone as a functional bio
sorbent aligns these treatment choices with circular-economy principles, 
given the large quantities of the residue generated in olive-producing 
regions globally and locally [20,21].

4.3. Batch vs fixed-bed: Operational considerations

The comparison between batch and fixed-bed results provides 
operational information that is critical for process design but is often 
absent from adsorption studies that report only one operational mode. 
Three observations emerge from the parallel evaluation conducted here, 
and each has specific implications for the scaling of NaOH-modified 
olive stone as a treatment material.

First, the ranking of model-derived fitted column capacities (q₀: Cd 
> Pb > As; Section 3.4) differs from the ranking of batch uptake under 
the equilibrium series (qe: Pb > > Cd > As; Section 3.3). This apparent 
inversion between the two operational modes should not be interpreted 
as a reversal of intrinsic affinity, but rather as a consequence of the 
different experimental conditions applied: the column used a single 
coarse particle size (300 μm, selected to minimize pressure drop), 
whereas batch experiments used metal-specific optima (75 μm for Cd 
(II); 150 μm for As(V) and Pb(II)). This alters intraparticle diffusion 
distances and limits direct numerical comparison between the two 
datasets. Batch and column systems also probe different aspects of 
sorption performance — equilibrium under finite contact time versus 
dynamic breakthrough over time — and column operation is more 
sensitive to sorption sites with slower access kinetics [26]. The practical 
implication is that column-based scaling estimates for a given metal 
cannot be derived directly from batch qe values of the same metal under 
different particle-size conditions; independent column characterization 
at the target particle size is required.

Second, the incomplete saturation of the Cd(II) breakthrough curve 
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(C/C₀ ≈ 0.87 at 250 min) means that the fitted Cd(II) parameters (q₀ =
4.01 mg g− 1, KTH = 0.000883 L mg− 1 min− 1, τ = 120.3 min) represent 
model extrapolations beyond the observed data range. Longer operation 
times (e.g., to C/C₀ ≥ 0.95) would be required to verify these values 
under the same operating conditions, and this should be considered 
explicitly in any scaling calculation based on the reported Cd(II) q₀. The 
Pb(II) and As(V) curves, by contrast, reached near-complete saturation 
within the 250-min window (Fig. 4), and their fitted parameters can be 
interpreted with greater confidence.

Third, the modest numerical q₀ reported for As(V) (1.77 mg g− 1) 
exceeds the negligible batch uptake of the same contaminant, which 
reflects the distinct nature of continuous-flow operation rather than 
improved sorption performance. Dynamic breakthrough integrates 
transient retention along the bed without allowing bulk re-equilibration, 
so a weakly sorbing analyte can produce a non-zero q₀ even when batch 
equilibrium shows no net uptake. The rapid breakthrough for As(V) (τ =
53.0 min, the shortest among the three metals) confirms that arsenate 
retention remains limited under column operation, and the fitted q₀ 
should not be interpreted as evidence of process-relevant retention 
capacity.

Taken together, the Pb(II) column results support its practical 
applicability for scaling, the Cd(II) column results require extended- 
operation verification before scaling, and the As(V) column results 
reinforce the conclusion from batch experiments that alkaline modifi
cation is insufficient for arsenate removal.

4.4. Kinetic and equilibrium modeling: Caveats

The non-linear regression analysis of kinetic data (Section 3.3; 
Table S7) requires careful interpretation. The pseudo-first-order (PFO) 
model provided the best overall fit for all three metals based on com
bined R2, R2adj, RMSE, χ2, AICc, and qe,calc/qe,exp. agreement. This 
finding differs from the traditional interpretation in which PSO is 
associated with chemisorption and PFO with physisorption [34,49], but 
mechanistic assignment based solely on kinetic-model selection has 
been increasingly questioned [35,50,51]. The superior PFO fit for Cd(II) 
and Pb(II) is consistent with this critique: kinetic-model identity alone 
cannot determine mechanism, especially when complementary evi
dence (FTIR changes, pH dependence, pHPZC shift, SEM observations) 
points to cation binding through ion exchange and surface complexation 
with oxygen-containing functional groups.

The comparison between PFO and PSO also supports reliance on 
multiple goodness-of-fit criteria rather than R2 alone. PFO predicted qe 
values within 4–13% of experimental values, whereas PSO over
estimated qe by 27% for As(V), 42% for Cd(II), and 57% for Pb(II) 
(Table S7) — a pattern consistent with published critiques of over
interpretation based on empirical kinetic-model identity [35,51]. For Cd 
(II) specifically, PFO and PSO were statistically indistinguishable by 
AICc (ΔAICc = 1.45; Table S7), meaning that model selection based on 
information criteria alone would not favor one over the other; the 
retention of PFO was therefore justified by the substantially better qe, 

Fig. 3. Non-linear fitting of kinetic models to the apparent uptake of Pb(II), Cd(II), and As(V) by NaOH-modified olive stone: (a) pseudo-first-order (PFO), (b) 
pseudo-second-order (PSO), (c) intraparticle diffusion model (IPD; Weber–Morris), and (d) residuals of the PFO fits calculated as qt,exp − qt,pred. Symbols represent 
experimental data and solid lines represent non-linear model fits. The shaded band in (d) indicates the ±RMSE range (0.139–0.146 mg g− 1). Conditions: C₀ = 50 mg 
L− 1, dosage = 15 g L− 1, 20 ± 2 ◦C, 200 rpm, with contaminant-specific optimal pH and particle size [Pb(II): pH 8.5, 150 μm; Cd(II): pH 6.0, 75 μm; As(V): pH 4.0, 
150 μm].
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calc/qe,exp. agreement (deviation 7.2% for PFO vs. 42% for PSO) [52]. 
The intraparticle diffusion model yielded a positive intercept for As(V) 
(C = 0.146) but negative intercepts for Cd(II) (C = − 0.028) and Pb(II) 
(C = − 0.349), the latter two lacking physical meaning as boundary- 
layer-related terms. The multilinearity observed in the qt versus t0⋅5 

plots (Fig. 3c) further indicates that a single-segment IPD model is 
inadequate for these data. Taken together, Pb(II) and Cd(II) uptake is 
more consistently explained by ion exchange and surface complexation 
than by kinetic-model identity alone, and no single kinetic or equilib
rium model supports a definitive mechanistic conclusion for As(V).

The equilibrium experiments conducted at a single initial concen
tration (C₀ = 50 mg L− 1) across three biosorbent dosages (Section 3.3; 
Table 3) produced narrow equilibrium concentration ranges unsuitable 
for reliable isotherm regression. Apparent uptake values are reported, 
but no maximum adsorption capacity (qmax) from Langmuir or 
Freundlich fitting is estimated, in contrast to many prior studies on 
olive-derived biosorbents [29,46,53,54]. This limitation is acknowl
edged explicitly and motivates the recommendation of multi- 
concentration equilibrium designs in future work (Section 4.8).

4.5. Operational viability and scalability

NaOH treatment was selected here as the most widely reported low- 
complexity alkaline activation route for lignocellulosic biosorbents 
[16,17] and has been applied to olive stone for heavy-metal removal 
[55]. Industrial-grade NaOH at ≈ USD 0.40 kg− 1 is compatible with the 
very low cost of the olive-stone residue (≈ USD 0.05–0.10 kg− 1 in 
Peruvian olive-producing regions; [21]), and the proposed treatment 
line is technically simple — milling, sieving, 0.1 M NaOH contact at 
room temperature for 24 h, washing to neutrality, drying at 60 ◦C — and 
compatible with existing post-harvest infrastructure in olive-producing 
regions. Three alternative routes deserve future evaluation as comple
mentary or replacement strategies. Acid modification (H₃PO₄, citric 
acid) increases carboxylate density and surface area, but generally 
lowers pHPZC and may further disfavor anion uptake [56]. Oxidative 
modification (KMnO₄, H₂O₂, ozone) introduces additional carboxyl and 
quinone groups, may improve Cd(II) uptake reproducibility, but adds 
reagent cost and operational complexity [56]. Metal-loaded modifica
tion (Fe(III), La(III), Al(III) impregnation following alkaline pre- 
treatment) is the most promising route to address the As(V) limitation 
identified here, with reported Langmuir qmax of 74.8 mg g− 1 for La(III)- 
watermelon rind [15] and 15.2 mg g− 1 for Fe-impregnated henequen 
biochar [48]. A formal techno-economic analysis was beyond the scope 
of this study and is identified as a priority for the next stage (Section 
4.8).

Regeneration: literature context and operational precedent. The present 
study does not report sorption–desorption cycling, and a dedicated 
regeneration campaign is identified as the next experimental phase 
(Section 4.8). We therefore make no quantitative claim regarding the 
regeneration efficiency of the present material. Two lines of indirect 
evidence are nonetheless relevant. First, olive-derived lignocellulosic 
materials have a well-documented regeneration profile in the literature: 
Blázquez et al. [29] reported 75–85% sustained Pb(II) capacity in NaOH- 
treated olive stone after three sorption–desorption cycles with HCl 0.1 
M, and Calero et al. [26] reported 80–90% sustained capacity in olive 
pomace after five EDTA cycles. The NaOH-treated material reported 
here shares the cellulose–hemicellulose–lignin matrix of these reference 
materials, and the elevated mesoporosity (pore diameter 1.88 → 7.98 
nm; Table S6) is favorable for diffusion-controlled desorption. This 
literature is used only to bound the plausible range and to justify the 
eluent selection for the planned campaign (HCl 0.1 M, EDTA 0.05 M, 
NaCl 0.1 M; ≥ 5 cycles; ≥ 80% retention criterion for Pb(II) prior to 
scale-up), not to predict the performance of this specific material. Sec
ond, the fixed-bed experiments provide a partial proxy for mechanical 
stability under continuous flow: the biosorbent retained its physical 
integrity over 250 min at 4 mL min− 1 without channel formation, 

pressure-drop anomaly, or biosorbent fines in the effluent, and the 
breakthrough curves retained their expected sigmoidal shape (Fig. 4). 
This is not regeneration data, but it demonstrates the mechanical 
robustness that is a necessary precondition for any regeneration cycle.

4.6. Comparison with other biosorbents and treatment approaches

The performance of NaOH-modified olive stone can be contextual
ized against the broader literature on lignocellulosic biosorbents and 
alternative treatment approaches for the three contaminants (Table S8). 
For Pb(II), the experimental qe of 9.96 mg g− 1 (C₀ = 50 mg L− 1; 5 g L− 1 

dosage) is higher than values reported for untreated olive stone — 3.21 
mg g− 1 [46] and 6.57 mg g− 1 [53] — but substantially lower than the 
15.22 mg g− 1 reported for olive stone modified with 2 M NaOH at C₀ =
150 mg L− 1 [29]. This difference is consistent with both the more 
aggressive alkaline treatment (2 M vs. 0.1 M NaOH used here) and the 
higher initial concentration (150 vs. 50 mg L− 1), factors that cannot be 
fully disentangled with the available datasets. The implication for pro
cess design is that the intensity of alkaline treatment is an optimization 
variable with direct impact on sorption capacity, with associated trade- 
offs in terms of chemical consumption, washing requirements, and po
tential structural degradation of the biosorbent.

For Cd(II), qe,exp. = 3.36 mg g− 1 (kinetic series) and q₀ = 4.01 mg 
g− 1 (column) are comparable to, but slightly below, maximum capac
ities of untreated olive stone reported in prior studies (qmax = 3.56 mg 
g− 1, [46]; qmax = 4.90 mg g− 1, [53]). These comparisons, however, are 
based on qe values at single initial concentrations in the present study 
versus qmax values from multi-concentration Langmuir or Sips fits in the 
reference studies, and should not be interpreted as strict equivalences.

For As(V), the qe reported here is not comparable to the substantially 
higher values obtained with metal-loaded biosorbents designed for 
anion removal. La(III)-loaded watermelon rind achieved Langmuir qmax 
= 74.8 mg g− 1 for As(V) [15], and Fe-impregnated henequen biochar 
reached qmax = 15.2 mg g− 1 [48]. A broader pattern thus emerges from 
the literature: biosorbents modified with alkaline agents typically 
enhance cation removal but show poor affinity for anionic contami
nants, whereas metal-loaded biosorbents achieve effective arsenate 
removal through positively charged surface sites. This contrast reflects a 
fundamental electrostatic constraint on lignocellulosic biosorbents: 
alkaline modification increases the density of negatively charged surface 
groups, favoring cation binding while reducing anion affinity at near- 
neutral and alkaline pH [7]. For process design, this pattern reinforces 
the contaminant-specific selection framework established in Section 4.2: 
a single surface modification cannot simultaneously optimize cation and 
anion retention, and treatment configurations should match surface 
chemistry to the dominant contaminant type.

4.7. Reproducibility and data availability

To support independent verification and re-analysis, the complete 
dataset and analysis scripts underlying this study are openly deposited at 
Zenodo (DOI: https://doi.org/10.5281/zenodo.19646178) under a 
Creative Commons Attribution 4.0 International (CC BY 4.0) license. 
The deposit includes the factorial batch data (pH × particle-size and 
dose × particle-size; raw ICP-OES outputs), the single-metal kinetic data 
(seven time points per metal), the fixed-bed breakthrough data, the 
physicochemical characterization outputs (chemical composition, FTIR, 
pHPZC drift curves), and parallel R and Python scripts that reproduce the 
ANOVA, the partial eta-squared and partial omega-squared effect sizes, 
the noncentrality-inversion confidence intervals [39], and the non- 
linear kinetic and breakthrough-curve regressions. The reproducibility 
envelope is therefore extended beyond the manuscript itself: any reader 
can replicate the statistical inference and the model fits from the raw 
measurements, and any researcher can re-use the dataset for meta- 
analyses or alternative analytical approaches without further data 
requests.
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4.8. Limitations and future perspectives

Three study-specific limitations require particular emphasis as direct 
consequences of the design choices in this study. First, the pH × particle- 
size factorial employed different buffer systems across pH levels (citrate 
at pH 4.0 and 6.0; phosphate at pH 6.8 and 8.0; borate at pH 8.5). 
Because phosphate competes with arsenate for oxyanion sorption sites 

and precipitates Pb(II) as Pb₃(PO₄)₂, and because citrate chelates Pb(II) 
and Cd(II) (log K ≈ 4.1 and 3.8 respectively; [33]), the interpretation of 
pH as an independent factor is partially confounded with buffer identity 
at pH 4.0, 6.0, 6.8, and 8.0. The factorial optimum identified for Pb(II) 
(pH 8.5, borate) is not affected by this confound, but Pb(II) removal 
reported at pH 6.8 and 8.0 should be interpreted as upper-bound 
apparent removal. Future studies should employ non-complexing, non- 

Fig. 4. Fixed-bed breakthrough curves for Pb(II), Cd(II), and As(V) removal by NaOH-modified olive stone. Symbols represent experimental data and solid lines 
represent non-linear Thomas model fits. Vertical dotted lines mark the 50% breakthrough time (τ) for each contaminant, with values reported in the legend together 
with the coefficient of determination (R2). Conditions: C₀ = 50 mg L− 1, Q = 4 mL min− 1, m = 6 g, bed height = 9.5–10 cm, particle size = 300 μm. The dashed 
horizontal line indicates 50% breakthrough. ᵃ The Cd(II) curve did not reach complete saturation within the experimental runtime (C/C₀ ≈ 0.87 at 250 min); the 
fitted Thomas parameters for Cd(II) therefore represent model-based extrapolations beyond the observed data range (see Table 4).

Fig. 5. Charge-dependent performance of NaOH-modified olive stone in batch and fixed-bed operation. (a) Inter-series batch removal efficiency for Pb(II), Cd(II), 
and As(V). Shaded bands indicate the observed inter-series minimum–maximum range; open symbols represent individual experimental series (two factorial-design 
optima and three equilibrium dose series). Error bars are within-series standard deviations where available. The As(V) equilibrium series showed Ce > C₀ (n.d.; 
Table 3) and is not included in the band. (b) Thomas model-estimated column capacity (q₀); operating conditions: C₀ = 50 mg L− 1, Q = 4 mL min− 1, m = 6 g, particle 
size = 300 μm. Error bars represent regression uncertainty. The Cd(II) bar is hatched because the breakthrough curve did not reach complete saturation within the 
250-min window; q₀ for Cd(II) is therefore a model-based extrapolation.
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competing buffers (MES, HEPES) or manual pH titration to disentangle 
pH and buffer effects. Second, equilibrium experiments were performed 
at a single initial concentration (C₀ = 50 mg L− 1) across three biosorbent 
dosages, which produces narrow equilibrium concentration ranges un
suitable for reliable Langmuir or Freundlich regression; no maximum 
adsorption capacity is reported in this study, and multi-concentration 
isotherm campaigns (10–200 mg L− 1 at fixed dose) are required for 
direct comparison with literature qmax values. Third, regeneration, 
desorption, and reusability over multiple cycles were not assessed; this 
limits the immediate translational value of the present results and is 
identified as a defined next step. Fourth, the inter-series discrepancy in 
Cd(II) removal (99.7% vs. 38.4% vs. 5.5–12.0%; Sections 3.3 and 4.1) is 
attributable to operational differences between series (dose, contact 
time, replication regime) quantified in the supplementary Table S9; 
potential biosorbent batch variability could not be evaluated because a 
single NaOH-modification preparation was used (Section 2.2), and 
multi-batch characterization remains a recommended next step. Fifth, 
the present study evaluates As(V) and does not address As(III); evalua
tion under reducing conditions, likely requiring an oxidative pre- 
treatment or an iron-modified material, is required for a complete 
arsenic-treatment assessment. Sixth, two replicates per factorial cell 
limited residual degrees of freedom and inflated η2p estimates for Pb(II); 
triplicate replication should become standard in future studies of this 
type. Seventh, the chemical and lignocellulosic characterization 
(Table S4) was performed as single determinations on three fractions 
from a single biosorbent preparation, which does not permit inferential 
NC–CT comparison; analytical replication (n ≥ 3 per fraction) is 
recommended.

Several additional methodological considerations apply. All experi
ments used synthetic single-metal solutions; competitive adsorption in 
multi-metal systems may substantially alter removal efficiencies and 
selectivity. The tested pH range (4.0–8.5) excluded strongly acidic and 
strongly alkaline conditions under which As(V) and Pb(II) speciation 
would differ. The fixed-bed column used a single coarse particle size 
(300 μm, selected to minimize pressure drop), partially constraining 
batch–column comparison (Section 4.3). The kinetic experiments used 
seven sampling times over 250 min; additional early-time points (within 
the first 30 min) would improve rate-constant precision and model 
discrimination. The Ce > C₀ pattern observed for As(V) (Section 4.1) 
could not be unambiguously attributed to contaminant mobilization 
without dedicated blank leaching controls (CT in metal-free buffered 
solution), which should become routine in future studies of modified 
lignocellulosic biosorbents.

Future research should therefore prioritize: (i) multi-concentration 
isotherm characterization (10–200 mg L− 1 at fixed dose) for Pb(II) 
and Cd(II) under non-complexing buffers (MES, HEPES) to disentangle 
equilibrium parameters from the buffer-related confounds identified 
here; (ii) multi-cycle adsorption–desorption testing (HCl 0.1 M, EDTA 
0.05 M, NaCl 0.1 M as candidate eluents) over at least five cycles, with 
the criterion of ≥80% regeneration efficiency for Pb(II) before scale-up; 
(iii) development of Fe(III)-modified olive stone to test the dual- 
modification strategy proposed in Section 4.5, and evaluation under 
reducing conditions and against As(III); (iv) competitive adsorption in 
multi-metal synthetic systems and in real wastewaters representative of 
mining, electroplating, and agricultural runoff; (v) techno-economic and 
life-cycle analyses comparing NaOH-modified olive stone with conven
tional treatment technologies; and (vi) blank leaching and non- 
complexing buffer controls to cleanly disentangle buffer identity from 
pH effects, particularly for As(V).

5. Conclusions

This study evaluated NaOH-modified olive stone (Olea europaea L.) 
for the removal of cationic Pb(II) and Cd(II) and anionic As(V) in batch 
and fixed-bed column systems, testing whether alkaline surface modi
fication produces a consistent pattern of charge-dependent performance 

within the same biosorbent and across both operational modes. Alkaline 
treatment shifted the pHPZC from 4.47 to 6.83, increased the average 
pore diameter from 1.88 to 7.98 nm, and produced compositional and 
spectroscopic changes consistent with ester-bond saponification and 
greater exposure of carboxylate- and hydroxyl-containing surface 
groups. These modifications translated into clearly differentiated per
formance outcomes for the three contaminants.

Under optimized batch conditions, Pb(II) removal reached 99.57% 
and remained consistently high across all experimental series (>98.9%), 
with pH as the dominant factor (η2p = 0.997). Removal at pH 6.8 and 
8.0 should be interpreted as upper bounds because the phosphate buffer 
used at those pH levels can contribute through lead phosphate precipi
tation; the factorial optimum (pH 8.5, borate buffer) is not affected by 
this confound. Cd(II) removal varied from 5.5% to 99.72% depending on 
operational conditions, with the upper value obtained in the dose ×
particle-size factorial at 15 g L− 1 and the lower bound in the equilibrium 
series at 250 min. The variability is largely attributable to operational 
differences between experimental series — dose, contact time, and 
replication regime — quantified in Table S9; since a single biosorbent 
preparation was used throughout, batch-to-batch variability could not 
be evaluated and remains a recommended next step. As(V) removal 
remained below 8% under all tested conditions, with the Ce > C₀ pattern 
observed in the equilibrium series interpreted cautiously as evidence of 
poor and unstable arsenate retention rather than as demonstrated 
contaminant release. Fixed-bed column performance was adequately 
described by Thomas and Yoon–Nelson models (R2 > 0.97), with column 
capacities following Cd(II) (4.01 mg g− 1) > Pb(II) (2.27 mg g− 1) > As(V) 
(1.77 mg g− 1); this ranking reflects different operational conditions 
between batch and column experiments rather than a reversal of 
intrinsic affinity.

The practical implications for water treatment process design are 
threefold. First, NaOH-modified olive stone is a viable, reproducible 
option for Pb(II) removal from cation-dominated effluents (e.g., elec
troplating, battery manufacturing, mining), with treatment targets 
achievable at dosages within the tested range (5–15 g L− 1). Second, the 
material is usable for Cd(II) but requires standardized operational pro
tocols (dosage and contact time), pre-implementation testing on the 
specific effluent, and dose control above the operational threshold (≥
15 g L− 1) to ensure consistent performance; the >99% Cd(II) removal 
observed under optimized conditions should therefore be interpreted as 
upper-bound performance rather than as a uniformly reproducible 
property. Third, the material is unsuitable for arsenate-containing wa
ters, and effective anion removal would require alternative surface 
modifications (e.g., Fe(III)- or La(III)-loaded biosorbents) that generate 
positively charged sorption sites. For mixed cation–anion effluents, the 
charge-dependent performance documented here implies that a single 
alkaline-modified material is insufficient: sequential treatment config
urations or bifunctional materials combining cation- and anion-binding 
domains are more promising design directions.

Taken together, these results demonstrate that NaOH modification 
does not produce a general-purpose biosorbent but rather a 
contaminant-specific treatment option, and support a selection frame
work based on the charge of the target contaminant. This perspective 
reframes biosorbent evaluation from “does it remove contaminant X?” to 
“for which contaminant type is this surface chemistry appropriate?” — a 
question that places process-design considerations at the center of bio
sorbent assessment.

Three priorities should guide the next stage of this research line. 
First, a multi-concentration isotherm campaign (10–200 mg L− 1 at fixed 
dose) for Pb(II) and Cd(II) under non-complexing buffers (MES, HEPES) 
to disentangle equilibrium parameters from the buffer-related con
founds identified here. Second, multi-cycle adsorption–desorption 
testing (HCl 0.1 M, EDTA 0.05 M, NaCl 0.1 M as candidate eluents) over 
at least five cycles, with the criterion of ≥80% regeneration efficiency 
for Pb(II) before scale-up. Third, evaluation under reducing conditions 
and against As(III), most likely through Fe(III) or La(III) impregnation of 
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the NaOH-treated material, to address the anionic-contaminant limita
tion identified for the present formulation. Until these milestones are 
completed, NaOH-modified olive stone should be considered viable 
specifically for Pb(II) removal from cation-dominated effluents free of 
competing phosphate, conditionally applicable for Cd(II) subject to 
standardized operating conditions (dosage and contact time), and un
suitable for As(V) or any arsenate-bearing matrix.
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